Abstract: The present study examines concentrations and risks of polycyclic aromatic hydrocarbons (PAHs), nitro-PAHs (NPAHs), steranes, and hopanes in lake trout collected in Lake Michigan. A total of 74 fish were collected in 2 seasons at 3 offshore sites. The total PAH concentration (S 9 PAH) in whole fish ranged from 223 pg/g to 1704 pg/g wet weight, and PAH concentrations and profiles were similar across season, site, and sex. The total NPAH (S 9 NPAH) concentrations ranged from 0.2 pg/g to 31 pg/g wet weight, and carcinogenic compounds, including 1-nitropyrene and 6-nitrochrysene, were detected. In the fall, NPAH concentrations were low at the Illinois site (0.2-0.5 pg/g wet wt), and site profiles differed considerably; in the spring, concentrations and profiles were similar across sites, possibly reflecting changes in fish behavior. In the fall, the total sterane (S 5 Sterane) and total hopane (S 2 Hopane) levels reached 808 pg/g and 141 pg/g wet weight, respectively, but concentrations in the spring were 10 times lower. Concentrations in eggs (fall only) were on the same order of magnitude as those in whole fish. These results demonstrate the presence of target semivolatile organic compounds in a top predator fish, and are consistent with PAH biodilution observed previously. Using the available toxicity information for PAHs and NPAHs, the expected cancer risk from consumption of lake trout sampled are low. However, NPAHs contributed a significant portion of the toxic equivalencies in some samples. The present study provides the first measurements of NPAHs in freshwater fish, and results suggest that additional assessment is warranted.
INTRODUCTION
The presence of semivolatile organic compounds (SVOCs) in the Great Lakes has been a concern for decades. One class of SVOCs, polycyclic aromatic hydrocarbons (PAHs), includes a number of persistent and ubiquitous environmental pollutants that are formed mainly through incomplete combustion and released into the atmosphere [1] . Other PAH sources include petroleum and petroleum-derived products, as well as diagenetic sources that are derived from biogenic precursors [1] . These pollutants reach the aquatic environment through atmospheric deposition, urban runoff, and municipal/industrial effluents, where they accumulate in bottom sediments and enter the aquatic food web. A number of PAH species are toxic to aquatic invertebrates and fish, potentially causing deformities, lesions, tumors, a compromised immunity, and death [2] . Accumulation of PAHs in sediments and bottomdwelling invertebrates and fish has been documented in the Great Lakes [3, 4] . Benthic fish in the Great Lakes region, such as brown bullhead [5] , winter flounder [6] , alewife, and minnow [4] , have been studied for PAH contaminations, but few studies have examined top predator fish.
Nitrated PAHs, called nitro-PAHs (NPAHs), can have stronger carcinogenic and mutagenic activity than the parent PAHs. For example, the mutagenic activity in Salmonella typhimurzum TA98 of 1,8-dinitropyrene is 3 orders of magnitude higher than that in benzo[a]pyrene, which is considered one of the most toxic PAHs [7] . Nitrated PAHs result from combustionrelated emissions, as well as from transformations of atmospheric PAHs [8] . There is also evidence of endogenous production of mutagenic NPAHs in fish (tilapia) exposed to nitrite (NO 2 -) and a noncarcinogenic PAH (phenanthrene) [9] . As determined for other SVOCs such as PAHs [10] , atmospheric deposition is likely to be a major source of NPAHs in the Great Lakes. Information regarding bioaccumulation of NPAHs in aquatic organisms is very limited, although a recent study reported NPAHs at levels of parts per thousand to parts per billion levels in marine bivalves at Osaka Bay, Japan [11] .
Hopanes and steranes are 2 additional classes of SVOCs. These materials are derived from the cell membranes of prokaryotes [12] and eukaryotes [13] , respectively, and are constituents of crude oil [14] . Both can enter the environment from petrogenic and pyrogenic sources [14] . These compounds have been used as markers or tracers of vehicle exhaust because they are resistant to environmental degradation [14, 15] and because they appear specific to diesel and gasoline engine lubricating oils [16] . Toxicity information for hopanes and steranes is unavailable. Bioaccumulation of these compounds has been reported in marine amphipods, bivalves [15] , and fish [14] , and as related to oil pollution; but concentrations in aquatic biota in the Great Lakes have not been reported.
The Great Lakes ecosystem is particularly vulnerable to contamination because of the numerous urban and industrial emission sources in the region, the Lakes' large surface areas that increase loadings via atmospheric deposition [10] , and the long hydrologic retention times. Lake Michigan has the highest contaminant levels of many contaminants, a result of historically large loadings from agricultural, municipal, and industrial sources [17, 18] . The PAHs in the atmosphere and sediments of Lake Michigan have been studied extensively, and contributions from vehicle emissions and coal and coke oven emissions have been documented [19, 20] . However, little information exists regarding levels of PAHs in biota, especially in fish. Lake trout (Salvelinus namaycush), a top predator fish, were extirpated from Lake Michigan in the 1950s but have been stocked and rehabilitated back into the Lake since 1965 [21] . Historically, this species has been used as a bioindicator species in the Great Lake Fish Monitoring and Surveillance Program for monitoring trends of polychlorinated biphenyls (PCBs), pesticides, and Hg [18, 22] , but PAHs, NPAHs, hopanes, and steranes have not been monitored in this program.
The present study characterizes concentrations and profiles of PAHs, NPAHs, hopanes, and steranes in lake trout from Lake Michigan. We investigate possible differences among sampling sites, sex, and season and provide initial estimates of risks to human and fish health from these contaminants. To our knowledge, ours is the first report of NPAHs in freshwater fish and the first since the 1990s for PAHs in Lake Michigan lake trout [23] . The present study is intended to provide new information regarding the concentration, distribution, and risk of the target SVOCs in the aquatic biota of the Great Lakes.
MATERIALS AND METHODS

Fish collection and processing
Lake trout (S. namaycush) were collected at 3 offshore sites on Lake Michigan (Charlevoix, MI, USA; Clay Banks, WI, USA; Waukegan, IL, USA; Figure 1 ) by personnel from the Michigan Department of Natural Resources, Illinois Department of Natural Resources, and Wisconsin Department of Natural Resources. The fish collection was part of an annual Lake Michigan lake-wide survey supported by the Great Lakes Fishery Commission to assess the progress toward rehabilitation of the lake trout population in Lake Michigan. The 3 sites were chosen to cover a north-south transect of Lake Michigan. Fish were collected by gillnet in fall (September-October) 2011 and spring (April-May) 2012 following well-defined protocols [24] . Individual fish were placed in plastic bags, frozen whole, and shipped to the US Geological Survey Great Lakes Science Center in Ann Arbor, Michigan, where they were thawed; the sexed was noted; and fish were weighed, measured for total length, and homogenized individually in a Robot Coupe grinder. Eggs of female fish collected in the fall were removed before homogenization and analyzed separately. Subsamples of homogenized tissues were stored at -20 8C in solvent-washed glass jars with aluminum foil-lined screw caps until brought to the nearby University of Michigan School of Public Health for analysis. Whole fish (instead of fish fillets) were analyzed to be consistent with the protocol used by the Great Lakes Fish Monitoring and Surveillance Program for PCBs and pesticides in Great Lakes lake trout [18, 24] .
Materials
The SVOCs selected as target compounds have been frequently detected in airborne and diesel exhaust particulate matter (PM) samples [25, 26] and sediments [27] . They included 16 PAHs (US Environmental Protection Agency [USEPA] priority PAHs [28] ), 11 NPAHs, 5 hopanes, and 6 steranes (Supplemental Data, Table S1 ).
All solvents were high-pressure liquid chromatography grade and obtained from Fisher Scientific. Florisil (60-100 mesh) and sodium sulfate (anhydrous, certified American Chemical Society (ACS) granular, 10-60 mesh) for column chromatography were supplied by the same vendor.
Calibration standards included a mixture of 16 PAHs (SigmaAldrich), a mixture of 8 NPAHs (Sigma-Aldrich), individual standards for 17a(H),21b(H)-hopane and 20S-5a(H),14a (H),17a(H)-cholestane (Chiron Laboratories), and standard reference material 2266 (National Institute of Standards and Technology). Standard reference material 2266 is a solution of 5 hopanes and 5 steranes in iso-octane, which is intended primarily for use in the calibration of chromatographic instrumentation [29] . Fluoranthene-d10 (Cambridge Isotope Laboratories) and an internal standard PAH mixture, which includes anthracened10, benzo[a]pyrene-d12, chrysene-d12, and benzo[ghi]perylened12 (Wellington Laboratories), were used as internal standards for PAH analyses. For NPAH analyses, 1-nitrofluoanthene-d9 (Cambridge Isotope Laboratories) was used as an internal standard. Lastly, n-tetracosane-d50 (Chiron Laboratories) was used as an internal standard for hopanes and steranes. Surrogate standards included C27-a,a,a-(20R)-cholestane-d2 (for hopanes and steranes), 1-nitropyrene-d9 (for NPAHs), chrysene-d12, and naphthalene-d8 (for PAHs) (Chiron Laboratories).
Sample preparation and chemical analysis
A 10-g subsample was taken from each homogenized sample, to which 15 mL of a surrogate standard (0.2 ng/mL of each compound) was added. The sample was dried with Na 2 SO 4 , extracted twice using dichloromethane/hexane (4:1, v/v), and sonicated for 30 min. Any fish tissue was separated from the extract by centrifugation and removed. The extract was passed through an activated Florisil column and fractionated into 3 portions: fraction A was eluted with 15 mL hexane; fraction B was eluted with 15 mL hexane/acetone (1:1, v/v); and fraction C was eluted with 30 mL methanol. Each fraction was then evaporated under an N 2 stream to 1 mL. Fraction C was further cleaned to remove lipids by freezing at -79 8C for 5 h and then separating and discarding the frozen lipid solids. Fractions A, B, SVOCs in Lake Trout from Lake Michigan Environ Toxicol Chem 33, 2014 and C were analyzed for hopanes and steranes, PAHs, and NPAHs respectively. Target compounds were quantified using a gas chromatography-mass spectrometry (HP 6890/5973; Agilent Industries), an autosampler, and splitless 2 mL injections. Injector and detector temperatures were 275 8C and 280 8C, respectively. Separations used a capillary column (DB-5, 30 m Â 0.25 mm inner diameter; film thickness 0.5 mm; J&W Scientific). The carrier gas was He (1.5 mL/min, pressure of 37.4 kPa, average velocity of 31 cm/s), and the mass spectrometry reagent gas was ultra-high-purity methane. Temperature programs for the SVOC analyses have been described previously [30] . The mass spectrometry detector was operated in electron impact mode for PAHs, hopanes, and steranes. Negative chemical ionization mode was used for NPAHs. In each case, 15 mL of the internal standard (0.5 ng/mL of each compound) was added to each sample extract using a 25-mL syringe before gas chromatography-mass spectrometry analysis.
Determination of lipid content
A 3-g subsample was taken from each homogenized sample, mixed with Na 2 SO 4 , and extracted twice by dichloromethane/ hexane (4:1, v/v) using sonication. Fish tissue was separated from the extract by centrifugation and removed. Extract was dried under the fume hood and then weighed. The lipid content was calculated as the weight of the dried extract divided by the subsample weight.
Calibration and quality assurance
For calibration, each standard (mentioned in Materials) was prepared at concentrations of 0.01 ng/mL, 0.05 ng/mL, 0.10 ng/ mL, 0.50 ng/mL, and 1.00 ng/mL. All analytes were individually quantified against authentic standards.
Quality assurance measures included regular use of laboratory blanks, replicates, surrogate spike recovery tests, and standard reference materials, specifically standard reference materials 1647e (priority pollutant PAHs in acetonitrile), 2264 (nitrated aromatic hydrocarbons in methylene chloride I), and 2266 (hopanes and steranes in, 2,2,4 trimethylpentane) used for PAHs, NPAHs, and hopanes/steranes, respectively. All standard reference materials were purchased from the National Institute of Standards and Technology. Replicates were performed for 10 whole fish samples and 2 egg samples. Measurement precisions, expressed as the average relative percent difference across the 12 replicate measures and compounds in the group, were 25%, 31%, 19%, and 12% for PAHs, NPAHs, steranes, and hopanes, respectively. Target compounds were not detected in the blanks except for trace levels of naphthalene and phenanthrene. The spike recovery of surrogate standards was 77% to 89% during the study, and the shift (abundance of target compounds in standard solutions before and after running a batch of samples) was within 20%.
Data analysis
Concentrations were calculated as picograms per gram wet weight. Compounds with a detection frequency below 30% (Supplemental Data, Table S1 ) were excluded from the calculation of statistics (e.g., sums and relative abundances), following guidance for highly censored data [31] . For compounds with a higher detection frequency, measurements below method detection limits (MDLs) were set to MDL/2 (MDLs are listed in Supplemental Data, Table S1 ). The relative abundance of each PAH compound was calculated as the concentration of each compound divided by the total concentration of PAHs with greater than 30% detection frequency (e.g., in whole fish, 9 PAHs were detected in over 30% of the samples, so the total concentration is denoted as S 9 PAHs). The relative abundances and total concentrations of NPAHs, steranes, and hopanes were similarly determined.
For statistical analyses, data were checked for normality using the Shapiro-Wilk test and for homogeneity of variances among groups using Levene's test. Group differences were tested using one-way analysis of variance or t tests if variables were normally distributed with equal variances. Nonparametric tests, including Kruskal-Wallis and Wilcoxon tests, were used to compare group means when data distributions were not normal or variances were not equal. Statistical analyses used SAS 9.3 (SAS Institute).
For human health risks, the toxic equivalency (TEQ) for benzo[a]pyrene (BaP) was calculated for target compounds using toxic equivalent factors (TEFs, unitless; Supplemental Data, Table S1 ) and the equation TEQ BaP ¼ S i (C i Â TEF i ), where C i is the concentration of the ith PAH or NPAH in each sample (pg/g) [32] . The new TEQ values (Supplemental Data, Table S1 ) provided in the 2010 USEPA document [33] were used for PAHs, and TEQs for 4 NPAHs were obtained from the Rhode Island Air Toxics guideline [34] . Two scenarios were considered: 1) the average scenario, including only the compounds with greater than 30% detection frequency, nondetect substituted by MDL/2; and 2) the worst-case scenario, including all target compounds, nondetect substituted by MDL/ 2. The excess lifetime cancer risk (dimensionless) was determined by multiplying the TEQ (BaP) by fish consumption rate (average, 0. ) [33] . Because fish fillets were not analyzed, PAH concentrations in fish muscles were estimated from the whole fish data using literature estimates of the tissue distribution of PAHs in fish and fish organ weights (Supplemental Data, Table S2 ).
RESULTS AND DISCUSSION
Fish characteristics
Fish weights were similar across site and season, but females weighed more than males at sites 1 and 2 in fall 2011 (t test; p < 0.01 at sites 1 and 2; p ¼ 0.60 at site 3), and females remained slightly, but not significantly, heavier in spring 2012 (Supplemental Data, Table S3 ). The fall samples were collected just before spawning, and all females but 1 contained large amounts of eggs. Fish collected at site 3 were slightly but not significantly heavier than fish at other sites, and weights varied considerably (1205-6214 g), which likely masked differences attributable to sex.
The lipid content of the lake trout did not differ by sex, site, or season (Supplemental Data, Table S3 ). In similarly sized lake trout (average, 639 mm in length) collected from Lake Ontario in 1986 [36] , lipid content also did not vary by sex. However, lipid levels in lake trout collected in 1992 from Lake Michigan were considerably higher (17.9 AE 0.4%) [24] than those in the present study (14.9 AE 3.1%). Fish in the present study may have had a low-lipid diet, such as a diet abundant in relatively lean rainbow smelt and poor in fatty alewives [37] . The decline in Diporeia abundance in Lake Michigan likely has lowered the lipid content of prey fish, leading to decreased lipid content of lake trout and other predatory salmonids [37] . We did not observe the fall season decline in lipid content previously observed in Lake Michigan lake trout [37] , possibly a result of dietary changes, the variation in the size of our fish (coefficient of variation in length ¼ 8% vs 1.8% in the cited study), or sample size issues.
Whole fish: PAHs
Nine of the 16 target PAHs were found above MDLs in more than 30% of the whole fish samples. The S 9 PAH concentrations averaged 546 AE 244 pg/g wet weight (n ¼ 74) and varied over an 8-fold range among individual fish. Site means by season and sex ranged from 350 pg/g to 819 pg/g wet weight (Figure 2A ), but differences between season, sex, and site were insignificant or marginally significant, probably because of the large variation among individual fish and the relatively small sample size. Two-and 3-ring compounds (e.g. phenanthrene, acenaphthylene, naphthalene, and acenaphthene) were most abundant; abundances of 4-or 5-ring compounds did not exceed 4% (Figure 3) . The PAH abundances did not vary by site, sex, or Figure 2 . Concentrations of (A) S 9 PAHs, (B) S 9 NPAHs, (C) S 5 steranes, and (D) S 2 hopanes in whole fish (pg/g wet wt Figure 1) . A 1991 study of PAHs in Lake Michigan lake trout found S 27 PAH levels of 1.52 AE 0.38 ng/g wet weight and slightly less (1.47 AE 0.4 ng/g wet wt) for the 16 target PAHs in the present study [23] . The average PAH concentration in the present study is 63% lower. The lower concentrations can be explained by declining environmental levels. For example, PAH concentrations and accumulation rates in Lake Michigan sediments have been falling since 1980 [10] , as have airborne concentrations in Chicago between 1996 and 2004 [19] . Also, fish in the earlier study were caught near-shore at Pentwater and close to 2 contaminated areas of concern, White Lake and Muskegon Lake, that may have had higher PAH levels [23] . In contrast, fish in the present study were caught in open water areas distant from contaminant sources.
The SPAH concentrations in the Great Lakes food web generally decrease at higher trophic levels (Table 1) . Concentrations in aquatic invertebrates are approximately 100 ng/g to 1000 ng/g [3, 39, 40] , levels in bottom-feeding fish are 10 ng/g to 100 ng/g [4, 41, 42] ; and levels in top predator fish such as lake trout are 1 ng/g to 10 ng/g [23] . This trend is consistent with the "biodilution" of PAHs observed in marine organisms [43] and results from the rapid metabolism of PAHs by fish [43] and the lack of effective oxidative enzyme systems in aquatic invertebrates [44] . [45] . The toxicological importance of these metabolites has been suggested by their association with hepatic lesions and liver neoplasms found in English sole from Puget Sound [46] .
Polycyclic aromatic hydrocarbons in sediments in open water regions of Lake Michigan are dominated by atmospheric deposition in the southern basin of the lake, which results in large part from combustion sources in the southwestern area (e.g., Chicago, Milwaukee, and Gary); the waterborne Figure 3 . Polycyclic aromatic hydrocarbon (PAH) profiles in whole fish. Boxplots show 10th, 25th, 50th, 75th, and 90th percentiles for pooled samples. Only compounds with greater than 30% detection frequency are shown. Acronyms of PAHs can be found in Supplemental Data, Table S1 . contaminants are then transported and distributed throughout the lake [10] . As a result, sediments along a north-south transect of the open water showed fairly similar PAH concentrations and compositions [10] . Because tissue concentrations of PAHs in bottom prey fish are strongly related to sediment concentrations [4] , and lake trout feed mostly on bottom prey fish [47] , similar PAH levels among the lake trout at the 3 sampling sites were expected. The similar PAH concentrations in fish collected in the fall and spring seasons may reflect comparable atmospheric particle-phase PAH concentrations in these seasons [19] , or the significance of the PAH reservoir in the sediments, which changes concentration only very slowly. Contaminant levels in fish reflect a balance between uptake from the water column, diet and sediments, metabolism, partitioning, and elimination. These processes can vary greatly by compound. For example, the predominance of phenanthrene reflects its high concentrations in water [48] , prey fish [4] , and sediments [49] , as well as its relatively slow metabolism (or clearance) in fish (half-life of phenanthrene ¼ 2.55 d; Supplemental Data, Table S1 ). The abundance of other 2-to 3-ring compounds, such as naphthalene and acenaphthylene, likely reflects uptake from the water through the gills because of their greater concentration in water [48] and the relatively slow metabolism (half-lives of 4.53 d and 3.73 d, respectively). Although its concentration in water was also relatively high [48] , acenaphthene's fast metabolism in fish (half-life of 0.25 d) will lower levels in lake trout. The relatively low fluoranthene levels in lake trout compared with prey fish [32] could result from its low bioavailability in the diet or low assimilation efficiency. Despite pyrene's high concentrations in water [48] and sediment [49] , low levels in lake trout and other fish [4] can be explained by rapid biotransformation (half-life of 0.56 d). The low levels of higher-molecular-weight PAHs, such as BaP and benzo[g,h,i]perylene, may reflect lower gill uptake and lower concentrations in water [48] . However, ingestion of sediments (bottom or suspended) can also contribute to PAH uptake. Although sediments were relatively abundant in higher-molecular-weight PAHs [10] , concentrations of these PAHs in fish may be low because of low gut assimilation efficiency and higher metabolism rates (e.g., short half-lives for BaP and benzo[g,h,i]perylene; Supplemental Data, Table S1 ), which is also reflected in a small biotasediment accumulation factors at high octanol-water partition coefficient (K OW ) [50] .
Whole fish: Nitro-PAHs
Nine of the 11 target NPAHs were detected in at least 30% of the samples. The S 9 NPAH concentrations are presented in Figure 2B and Supplemental Data, Table S5 . The S 9 NPAH concentrations in individual fish ranged from 0.2 pg/g to 31 pg/g wet weight, roughly 10 times to 1000 times lower than S 15 PAH concentrations. Like the PAHs, S 9 NPAH concentrations did not differ by sex. Site differences were seen only in fall 2011, when S 9 NPAHs concentrations at the Waukegan site (0.39 AE 0.10 pg/g wet wt) were lower than those at other sites. Seasonal differences were significant but inconsistent for all site-sex combinations excluding Charlevoix females and Clay Banks males. The S 9 NPAH and S 9 PAH concentrations were not significantly correlated (Spearman r ¼ -0.08, p ¼ 0.499, n ¼ 74).
The most abundant NPAH compounds were 3-nitrobiphenyl and 2-nitrobiphenyl, each contributing 14% and 23% (median) of the S 9 NPAH, respectively (Supplemental data, Figure S1 ); 1-nitronaphthalene, 2-nitronaphthalene, 1-nitropyrene, and 6-nitrochrysene had similar abundances. For most of the NPAH compounds, abundances varied by site in the fall, whereas abundances in the spring were similar (Kruskal-Wallis test; Figure 4 ).
Several studies have reported NPAH concentrations in the low nanogram per gram range in both freshwater and marine sediments around the world [51, 52] , including our measurements in southern Lake Michigan sediments [49] . However, information regarding NPAH concentrations in aquatic biota is scarce. One study reported SNPAH concentrations from 380 pg/g to 4100 pg/g wet weight in mussels and from 430 pg/g to 4300 pg/g wet weight in oysters in Osaka Bay, Japan [11] (calculated from pg/g dry wt reported and a moisture content of 85% [53] ), levels that were approximately 10 times to 100 times lower than SPAH concentrations reported in those mussels and oysters [11] . We found similar or greater ratios in lake trout. The NPAH levels are anticipated to be low relative to PAH levels given the large differences in atmospheric levels [54] , engine exhaust [25] , and sediments [49] . However, NPAH concentrations can be altered because of reactions during atmospheric transport, abiotic loss in the water column, biodegradation in sediments, biotransformation in fish, fish behavior, and possibly endogenous formation. Thus, concentrations in fish will not be proportional to atmospheric concentrations or emission rates.
The low NPAH concentrations at the Waukegan site in the fall might have resulted from lake trout's homing behavior. Lake trout return to the same site during the fall spawning season but occupy a larger area where fish from different spawning stocks will mix during the remainder of the year [55] . In the fall samples, the lake trout collected at the Waukegan site likely belonged to a single local spawning stock, given the proximity of Julian's Reef, a major spawning site [56] . In contrast, the spring Table S1 .
[Color figure can be viewed in the online issue which is available at wileyonlinelibrary.com] SVOCs in Lake Trout from Lake Michigan Environ Toxicol Chem 33, 2014 sample probably reflected a mixed sample with individuals from other spawning stocks, resulting in similar average concentrations across the 3 sites. Homing behavior might also explain the similar NPAH profiles across sites in spring ( Figure 4B ) but not fall seasons ( Figure 4A ). As noted, the highly urbanized and industrial areas around the Waukegan site near southwestern Lake Michigan contain many PAH and NPAH sources. Although these emissions would be diluted during transportation to the Charlevoix and Clay Banks sites, additional NPAH formation is expected given the longer atmospheric transport time compared with the Waukegan site. Unfortunately, atmospheric concentrations of NPAHs in the Great Lakes region have not been reported. At 3 sites in downtown and suburban Kanazawa, Japan, NPAH levels were higher in winter than summer; patterns were inconsistent in fall and spring [57] . In Los Angeles, California, USA, atmospheric NPAH levels were higher in the summer [26] . These studies may have only limited relevance to the Great Lakes region. In addition, nearby sources and other factors may affect local water, sediment, and food concentrations.
The NPAH concentrations in lake trout result from atmospheric levels and deposition, levels accumulated in sediment, uptake, metabolism, and elimination processes. Information regarding NPAHs in sediments is limited, but it includes a report for marine sediments in Japan [52] and our results for southern Lake Michigan [49] . Abundances of individual NPAHs in lake trout are compared with those in biota, sediment, ambient air, and diesel engine exhaust reported in the literature ( Figure 5 ). Abundances of 1-nitronaphthalene and 2-nitronaphthalene in lake trout ($10%) were low compared with the abundances in both diesel exhaust [25] and the atmosphere [54] , likely reflecting the rapid clearance of these compounds relative to other NPAHs (Supplemental Data, Table S1 ). Much higher abundances of 1-nitronaphthalene and 2-nitronaphthalene (30%-50%) were found in mussels and oysters from Osaka Bay, Japan [11] , again highlighting the effects of clearance rates. 2-Nitrobiphenyl and 3-nitrobiphenyl show a different pattern, with high abundances (15%-25%) in lake trout, probably reflecting slow metabolism (Supplemental Data, Table S1 ). Although these 2 compounds have not been detected in Lake Michigan sediments [49] , they may be taken up by lake trout from the water column given their relatively low K OW (Supplemental Data, Table S1 ). Two other NPAHs, 1-nitropyrene and 6-nitrochrysene, had low abundances in lake trout (10-15%) and bivalves [11] compared with sediments (30-40% [49] ; Figure 5 ), probably a result of rapid clearance in fish and possibly other biota (Supplemental Data, Table S1 ). Sampling across major ecosystem compartments, such as water, sediments, and across the food web, is needed to confirm the sources and mechanisms affecting levels of individual NPAH species.
Whole fish: Steranes and hopanes
Five of the 6 target steranes were detected in more than 30% of the samples. Only 2 hopanes, 17a(H),21b(H)-hopane and 17a(H),21b(H)-30-norhopane, had a detection frequency above 30% in the fall, but they were not detected in any sample in the spring. The S 2 hopane and S 5 sterane concentrations are presented in Figures 2C and 2D , respectively. In fall 2011, S 5 sterane concentrations averaged 269 AE 111 pg/g wet weight (range, 167-808 pg/g wet wt in individual fish), whereas S 2 hopane concentrations averaged 37 AE 23 pg/g wet weight (11-141 pg/g wet wt). In spring 2012, sterane and hopane concentrations fell 10-fold. Like PAHs and NPAHs, no differences by sex were noted for either S 5 sterane or S 2 hopane levels. In fall 2011, both S 5 sterane and S 2 hopane showed the same spatial trend: Charlevoix < Clay Banks < Waukegan; and concentrations of both groups of compounds at the Waukegan site were significantly higher than those at the Charlevoix site Two studies pertain to steranes and hopanes in aquatic biota. Concentrations of Shopanes in aquaculture fish (red fish, grouper, tiger grouper, pomfret) in the Strait of Malacca were high, 17 ng/g to 250 ng/g wet weight (calculated from ng/g dry wt), possibly reflecting the extensive offshore oil and gas extraction and ocean shipping in this region [14] . In the second study, concentrations of total biomarkers (10 hopanes and 6 steranes) ranged from undetected to 10 ng/g wet weight (calculated from ng/g dry wt) in arctic amphipods (Anonyx Figure 5 . Comparison between the present study's nitro-polycyclic aromatic hydrocarbon (NPAH) profile (dashed line) and profiles in literature. Acronyms of NPAHs can be found in Supplemental Data, Table S1 . [Color figure can be viewed in the online issue which is available at wileyonlinelibrary.com] nugax) in the Alaskan Beaufort Sea [15] . These concentrations, which should not be affected by offshore oil and gas activities [15] , are comparable to levels measured in Lake Michigan lake trout.
As noted, steranes and hopanes enter the environment primarily from pyrogenic (for example, traffic) and petrogenic (e.g., crude oil, asphalt, and gasoline) sources. The Chicago/ Gary area mentioned is a primary source area for steranes and hopanes for Lake Michigan, and southwesterly winds are common, especially in the fall [58] . The decrease in sterane and hopane concentrations with distance from the Chicago/Gary area (Waukegan site to Charlevoix site) in fall 2011 suggests the significance of this source. Much lower sterane and hopane levels in spring 2012 might result from changes in SVOC loadings to Lake Michigan, fish uptake and diet, and possibly fish metabolism.
Hopane and sterane profiles measured in Lake Michigan sediments [49] show the predominance of 17a(H),21b(H)-hopane, as seen in lake trout. However, S 6 sterane concentrations in the sediment were lower than S 5 hopane levels; the opposite was seen in lake trout. This pattern does not appear to result from metabolism in fish, because the estimated half-life in fish of 20R-5a(H),14a(H),17a(H)-cholestane (only half-life available for steranes) is shorter than that for all 5 target hopanes (Supplemental Data, Table S1 ). Microbial biodegradation may play a role given the long biodegradation half-life of 20R-5a (H),14a(H),17a(H)-cholestane (1662 d) relative to the 5 target hopanes (799-1249 d) [59] . Levels in lake trout also might be driven by uptake by suspended particles and biota, in addition to sediment. The similar hopane and sterane compositions in the fish across season, site, and sex suggest the same sources. [25] . The presence of these petroleum biomarkers in Lake Michigan lake trout is consistent with traffic-related emissions that are deposited in the lake and accumulated by aquatic biota.
SVOCs in eggs
Female fish presented eggs in the fall spawning season. Fewer PAH compounds were detected in the eggs than in the whole fish. Of the 9 PAHs detected in more than 30% of whole fish samples, anthracene and fluoranthene were not detected in more than 30% of the egg samples (Supplemental Data, Table S1 ). The S 7 PAH concentration in the 15 egg samples ranged from 99 pg/g to 527 pg/g wet weight. (Averages by site are presented in Supplemental Data, Table S4 .) The S 7 PAH concentrations in eggs were significantly lower than the S 9 PAH concentrations in the corresponding female fish (paired t test, t ¼ 4.08, df ¼ 14, p ¼ 0.001). Similar patterns have been observed for PCBs in lake trout from Lake Ontario; concentrations in gonads were 4-fold lower than those in female whole fish [36] . The PAH profiles in eggs also differed from those in whole fish, where the abundance of phenanthrene was very low (Supplemental Data, Figure S2 ).
Compared with whole fish, 2 additional NPAH compounds were detected in eggs in more than 30% of samples; that is, all 11 target NPAHs were detected in eggs (Supplemental Data, Table S1 ). The S 11 NPAH concentration in the 15 egg samples ranged from 0.81 pg/g to 130 pg/g wet weight. (Site averages are presented in Supplemental Data, Table S5 .) The S 11 NPAH concentrations in eggs were higher than the S 9 NPAH concentrations in the corresponding female fish, and differences are marginally significant (paired t test, t ¼ -1.94, df ¼ 14, p ¼ 0.072). The NPAH profiles in eggs resembled those in whole fish (Supplemental Data, Figure S3) .
Eggs contained the same steranes and hopanes detected in whole fish. The S 5 Sterane and S 2 hopane concentration in the eggs ranged from 204 pg/g to 493 pg/g wet weight and 10 pg/g to 119 pg/g wet weight, respectively. (Site averages are presented in Supplemental Data, Table S6 .) The S 5 Sterane and S 2 hopane concentrations in the eggs did not differ significantly from those in female fish, and abundances of individual compounds were also similar.
Screening level risk estimates
For the average scenario, using only the compounds detected in more than 30% of whole fish samples and adjusting from whole fish to muscle tissue (see Data Analysis), the average TEQ from PAHs and NPAHs combined was 25 pg/g (19 pg/g from PAHs, 6 pg/g from NPAHs). Based on an oral cancer slope factor of 7.3 per mg/kg/d [60] , and average (0.73 g/kg/d) and high (2.2 g/kg/d) fish consumption rates [61] , consumption of lake trout from Lake Michigan gives lifetime cancer risks of 0.13 per million and 0.40 per million. For the worst-case scenario, considering all target compounds (regardless of detection frequency), the average muscle TEQ from PAHs and NPAHs combined is 516 pg/g (510 pg/g from PAHs and 6 pg/g from NPAHs), and the resulting cancer risks are 2.7 per million and 8.3 per million. The difference is largely attributable to dibenzo[a,h]anthracene, which was detected in only 1.2% of the samples but which has a toxic equivalent factor of 10 (Supplemental Data, Table S1 ). Even in the worst-case scenario, calculated risks fell within the upper range of protective risk guidelines, 1 per million to 10 per million; the total TEQ (averaged, 516 pg/g) also fell below the Canadian limit of 1 ng/g BaP to 4 ng/g BaP for fish and shellfish established to protect consumers from adverse health effects [62] . However, these calculations involve several uncertainties. First, several toxic equivalent factors have been reported for certain PAH compounds, and some differ by several orders of magnitude [33] . Using the highest toxic equivalent factor values [33] and the worst-case scenario, the average PAH TEQ was 1949 pg/g (range, 1763 pg/g to 3389 pg/g) in our sample (fish muscles), which exceeds the Canadian limits. Second, the oral cancer slope factor for BaP ranges from 4.5 per mg/kg/d to 11.7 per mg/kg/d (median, 7.3 per mg/kg/d) [60] . Combining these variables and using a high fish consumption rate (2.2 g/kg/d), the highest possible risk associated with lake trout consumption is 87 per million, well above guidelines. Moreover, because many NPAHs lack toxic equivalent factors and not all NPAHs were measured; the risk estimates may be underestimated. Even in the present study's calculations, which included only the 4 NPAHs with available toxic equivalent factor values, NPAHs contributed a significant portion (40-80%) of the TEQs in some samples (under the average scenario).
Because of their rapid metabolism and resulting low concentrations, PAHs and NPAHs in lake trout may pose minimal human health risks, in contrast to risks resulting from the biomagnification of contaminants such as PCBs and mercury in Great Lakes fish [22, 63] . Still, the NPAH risk estimates presented may be underestimated, and additional toxicology studies and environmental measurements appear warranted. In addition, PAH exposure has been associated with immunosuppression, decreased growth, and DNA damage in juvenile salmon collected in Puget Sound at stomach content concentrations from 4000 ng/g to 15 000 ng/g wet weight for total PAHs (16 USEPA priority PAHs plus 5 alkylated PAHs) [64] . Although we did not collect data regarding juvenile fish or analyze stomach contents separately, these concentrations are 3 to 4 orders of magnitude higher than levels (223-1704 pg/g wet wt) we measured in whole adult fish from Lake Michigan (which included stomach contents). Although adverse effects seem unlikely, an analysis of fish health should focus on susceptible life stages and key target tissues.
Strengths and limitations
The present study has several strengths. First, a wide range of SVOCs was examined, and this appears to be the first reporting of NPAH concentrations in fish. Second, fish were collected during 2 seasons, which allowed a comparison between spawning and non-spawning seasons. Third, because measurements used whole-fish homogenates, and eggs from female fish in the spawning season were separated and measured, whole-fish body burdens without the influence of eggs were determined. Finally, although the literature is sparse, many of our results are consistent with earlier reports.
However, the present study also has several limitations. First, only selected PAHs were measured. Investigation of PAH metabolites, because of their possible persistence and toxicity, is warranted. Second, organ-specific analyses were not attempted. The PAH concentrations are higher in fish liver and bile and lower in muscles [45] . This also may be the case for NPAHs, steranes, and hopanes. Because most fish mass was muscle, concentrations were low in whole-fish homogenates, which may have decreased detection rates of some compounds. Third, individual samples rather than composite samples were used, but this highlights fish-to-fish variation. Finally, the small number of samples in each season-site-sex group did not allow some statistical analyses, such as repeated measure analysis of variance.
CONCLUSIONS
The present study demonstrates the accumulation of PAHs, NPAHs, steranes, and hopanes in lake trout from Lake Michigan, and provides the first report of the occurrence of NPAHs in freshwater fish. In whole fish, SPAH concentrations averaged 546 AE 244 pg/g wet weight, and levels were similar across season and site. These low concentrations suggest biodilution of PAHs in lake trout. The SNPAH concentrations averaged 7.2 AE 7.0 pg/g, and fish behavior, specifically spawning, seems to affect the seasonal patterns of NPAH concentrations. Sterane and hopane concentrations were 2 times to 20 times lower than PAH levels and differed by season, which might be attributed to substantial differences in uptake or clearance rates. Spatial differences also were seen for steranes and hopanes in fall, indicating the impact of sources in the Chicago/Gary area. No difference by sex was observed for the target SVOCs.
Of fish collected in the fall, all but 1 contained eggs. The NPAH, steranes, and hopane levels in the eggs were similar to those in the corresponding female fish, but significantly lower for PAHs.
Upper-bound worst-case estimates of lifetime human cancer risks attributable to lake trout consumption exceeded 10 per million, but PAHs and NPAHs in lake trout generally seem to pose a minimum threat to human health. However, NPAHs contributed a significant portion of the toxicity in some samples, and the risks from NPAHs were probably underestimated. Thus, further assessment of NPAH contamination in Great Lakes fish, and the effects on fish and ecological health, is warranted. 
